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Abstract
The St. Johns River is one of the premiere waterways in the southeastern United States, but it is increasingly
affected by anthropogenic disturbances and influences such as excessive loading of nutrients. In the current
pilot project, small native plant communities (“garden sites”) were established along sections of riparian corridors of five first-order tributaries in residential-commercial areas that drain into the lower St. Johns River
in north Florida. In addition, four “non-garden” (control) tributaries were monitored for comparison. Garden
sites included five species native to the area; 20 plants of each species on both banks (200 total plants).
These sites were used to assess the ability of partially restored riparian areas to ameliorate nutrient loading
and water quality and determine their impact on local biodiversity in disturbed suburban drainage systems.
Partially restored sites showed a significant reduction in both NO3- and P concentrations in both soil and water samples compared to control sites. For instance, soil NO3- levels were reduced by 14% in garden sites,
while water samples were 30% lower. Moreover, both plant species richness and Shannon diversity (H’)
were significantly higher at partially restored sites, 33 and 19% respectively, compared to control streams
after two years. Garden sites also had significantly higher terrestrial and invertebrate diversity than
non-restored tributaries. Intermittent patches of partially restored habitat along suburban riparian corridors
may provide a practical cost-effective technique for improving ecosystem function, water quality and increasing biodiversity along these frequently disturbed lotic habitats. Trends detected in the current study may
have general implications for riparian restoration and reduction of nutrient loading in these small tributaries
and, ultimately, effect water quality of the lower St. Johns River basin.
Keywords: Riparian, Restoration, Biodiversity, Soil and Water Quality

1. Introduction
Florida’s human population has increased dramatically
over the last four decades; increasing from approximately 4.95 million in 1960 to ca. 19.7 million in 2010
which makes Florida the fourth most populous state behind only California, Texas and New York. Moreover,
Florida’s population has typically grown considerably
faster than the overall U.S. population; for instance,
Florida’s population increased 14.2% for the eight-year
Copyright © 2010 SciRes.

period 2000-2008, while the overall U.S. population increased by only 7.8% (rates calculated using data from
the U.S. Census Bureau 2009). This rapidly increasing
human population is placing a great deal of stress on
Florida’s ecosystems, especially its watersheds, freshwater supply and coastal communities. As a result, riparian zones have become a major focus of watershed initiatives to improve degraded stream systems because
alterations of these transitional ecotones can have significant effects on the aquatic ecosystems that they borJWARP
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der [1,2].
Natural tributaries are common in suburban and urban
settings, but they are often highly disturbed (many
stream banks are maintained by regular mowing), eutrophic from excessive inorganic nutrient loading and have
reduced plant diversity, especially of shrubs and trees [1].
Substantial research has found that high levels of nutrients in lotic systems can significantly affect the ecology
of recipient rivers, lakes and estuaries [3]. Of special
concern are levels of inorganic nitrogen and phosphorous
which are the two nutrients most often associated with
algal blooms, although the strength of the relationship is
often affected by other environmental factors such as
irradiance and water temperature [4-9]. In addition, the
relative strength of top-down (primarily invertebrate
grazers) and bottom-up (nutrients) factors in limiting
phytoplankton abundance and/or diversity vary temporally. For instance, Vanni and Temte [10] found that
grazing by zooplankton was more important in limiting
phytoplankton populations in a lake during the spring,
but nutrient limitation was more important in the summer.
Removal of native vegetation, especially trees and
shrubs, while facilitating access and maintenance of urban streams, can greatly affect ecosystem functions including in-stream processing of nutrients and pollutants
[3,11,12]. Loss of riparian forest has been found to influence stream parameters such as light fluxes, temperature, and nutrient levels [6,12-14]. For instance, Peterjohn and Correll [3] calculated that surface water that
had filtered across approximately 50 m of riparian forest
removed about 45 kg/ha of nitrate nitrogen per year; additionally, riparian forest sequestered more nutrients than
nearby cropland. Wahl et al. [14] found outflow of inorganic nitrogen from urbanized deforested stream was
more than twice that of a forested riparian watershed.
Fluctuations in light levels can also influence algal
abundance and community composition. Sabater et al. [6]
found that open nutrient-rich tributaries with warmer
temperatures had significantly higher levels of algal
biomass than shaded nutrient-poor streams. These results
are consistent with other studies that have found interactions of various degrees between light levels, temperature and nutrient levels [5,9,15,16].
Transitional zones such as wetlands and riparian
ecotones also provide important habitat for invertebrate
communities and provide refugia for juvenile fish and
amphibians. According to Richardson et al. [11], riparian
management was initially developed to protect and improve fish habitat. Loss of tree and shrub communities,
which is common along urban and suburban tributaries,
will result in decreased leaf litter. Reduced leaf litter has
been associated with decreased detritivore populations,
Copyright © 2010 SciRes.

which leads in turn to decreased abundance of aquatic
and terrestrial insect prey available for fish [17]. In addition, Renöfält and Nilsson [18] found that when they
experimentally disturbed riparian vegetation by cutting
along a river in Sweden, plant species composition was
unaffected, but species richness was reduced. Reduction
of vegetation in riparian and marine habitats may have
cascading effects on higher trophic levels. For instance,
arthropod abundance was significantly higher in riparian
sites that contained supralittorial vegetation compared to
a site in which the vegetation had been removed [2].
Riparian reforestation projects, incorporating native
shrubs, forbs and other understory species, have the potential to ameliorate nutrient loading and reduce rates of
species loss in urbanized areas. Riparian strips also serve
as corridors for both plants and wildlife by facilitating
the movement of colonizing individuals between suitable
patches of habitat as well as gene flow among otherwise
isolated populations [12,19]. Restoration projects are
becoming increasingly common and provide important
opportunities to conduct research on the effects of scale
on basic ecological principles such as nutrient cycling
and species-area relationships [20,21]. It has been suggested that riparian forest widths of 30-100 m may be
necessary to provide sufficient habitat to maintain
pre-logging densities of some wildlife [11]. The current
study suggests that partial restoration of native vegetation of much smaller fragmented patches along
first-order tributaries of the St. Johns may provide local
benefits to the watershed including reduction of nutrients
associated with eutrophication and algal blooms and
modest increases in biodiversity over a relatively short
time.
The St. Johns River is Florida’s largest river and it is
an important natural and cultural resource for central and
north Florida. Although it is a primary source of fresh
water for Florida and it was designated as a National
Heritage River in 2002, high levels of inorganic fertilizers enter the watershed from commercial and residential
areas, significantly reducing water quality [22]. Continued loading of inorganic nitrogen and phosphorous is
likely facilitated by typical urban riparian management
techniques such as tree removal and regular mowing,
which are designed to facilitate maintenance and rapid
removal of large volumes of water after storms, reduces
the structure and complexity of the ecosystem. This increase in nutrient enrichment has resulted in frequent and
extensive algal blooms in the river over the past ten years.
Algal blooms often release toxins into the water column
which may cause irritation of the skin and eyes, respiratory problems and even paralyze or kill fish and deplete
oxygen levels [22]. In the current study we created small
patches of partially restored native plant communities
along several small tributaries in the lower St. Johns
JWARP
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River basin to investigate their effects on local water
quality and biodiversity. Biodiversity was assessed
across multiple taxa including algae, plants, as well as
both aquatic and terrestrial invertebrates. Lastly, the ability of these semi-restored patches of native plant communities to ameliorate nutrient concentrations in both the
soil and water was compared to non-manipulated urban
tributaries.

2. Materials and Methods
2.1. Study Sites
This project was conducted in Duval County, Florida
U.S.A. (30o19’56N, 81o39’20W). Ten tributaries were
selected for the study using four primary criteria: l) release into the St. Johns River; 2) first-order stream; 3)
disturbed ecosystem (from human activities, e.g. mowing); and 4) access to sites (e.g. government maintained
riparian zones, etc.). Owing to difficulty in accessing one
site from private property, it was dropped from the study;
the remaining nine sites were randomly placed into either
a non-manipulated control group (n = 4) or treatment
group (n = 5). The sites (and abbreviations used hereafter)
included in the control group were: “Carriage House”
(C), “Stetson” (S), “Oak Bluff” (OB), and “Old River”
(OR), while the treatment group included: “Old Kings”
(OK), “Praver” (P), “Kingsley” (K), “Acosta” (A) and
“Lowes” (L) (Figure 1). Prior to initiating treatments,
depth and width of each tributary were measured; no
differences (results not shown) were found for either
parameter for treated vs. control streams (mean + sd
were: width = 260.8 + 133.3 cm and depth = 23.9 + 17.6
cm). Experimental plots (see below) were established at
treatment sites and transects for determination of plant
and terrestrial invertebrate communities were conducted
at all sites from spring 2006 through 2008.
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2.2. Experimental Plots
Along the banks of the five tributaries chosen for the
treatment group, two experimental plots, each measuring
3 x 9.5 m, were established with the long dimension parallel to the water. Each plot was supplemented with 20
individuals of five plant species on each bank of the
tributaries (200 total plants per tributary) that are native
to riparian areas of northeast Florida (referred to as
“garden sites”). Native plant species were chosen for the
study to maximize structural complexity of the partially
restored riparian sites and included (from the waterway
and moving up the stream bank to higher elevation):
Pontederia cordata (pickerelweed), Canna flaccida
(golden Canna), Panicum hemotomon (maidencane
grass), Itea virginica (Virginia willow) and Betula nigra
(river birch). Along the banks of each garden site, plants
were planted in 5 rows x 20 columns as described above.
Plants were allowed a 3-month “grow in” period prior to
sampling. All plants were acquired from a local grower
(Native and Unusual Plants, Duval County, Florida) in
2006 and cultured for approximately six months under
standardized conditions in the greenhouse at University
of North Florida prior to use in the study. In addition,
non-native plant species were identified and manually
removed from experimental plots as needed. Similarly,
plots were established at the four control sites and plant
transects were established to serve as reference for the
experimental sites.

2.3. Plant Sampling
At each site, six 15-m parallel transects were established
(three on either side of the tributary). Although transects
ran perpendicularly to the tributary, they were established in the center of each stream in an effort to sample
aquatic and semi-aquatic species. The ends of transects
were marked using wooden stakes and survey flags and
the end points were recorded using hand-held GPS receivers. All plant species present within 0.5 m of the
midline of each transect were recorded (creating belt
transects 1 m wide). Species richness was recorded at
each sampling date and plant diversity was assessed using both the Simpson index (Ds) and the Shannon index
(H’) because, unlike Ds, it is sensitive to rare species
such as Orontium aquaticum (golden club), which are
likely to occur in small isolated pockets along some
tributaries.

2.4. Soil and Water Chemistry
Figure 1. Study sites from Jacksonville, Duval County,
Florida; “NG” refers to control sites and “G” represents
garden (or partially restored) sites (see text for details).
Copyright © 2010 SciRes.

Soil samples were analyzed quarterly from March 2007
through September 2008. Samples were collected along
JWARP
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the permanent transects at each site approximately 1m up
the bank from the edge of each tributary. A 1-cm diameter by 10-cm deep core was collected in each sub-sample,
and soil was sieved and homogenized prior to analysis.
Four samples were taken at each garden site and six at
each non-garden site on each sampling date. Samples
from each transect within a site were analyzed separately,
but the data were then averaged to yield a single site
value for each variable per sampling date. Soil was analyzed using LaMotte Soil Test Kit Model STH-14 to determine pH, nitrate nitrogen (NO3-) (kg.ha-1), nitrite nitrogen (NO2-) (mg.kg-1), phosphorous (P) (kg.ha-1), and
potassium (K) (kg.ha-1) levels. Levels of each soil variable were quantified using a LaMotte Smart2 colorimeter
calibrated with a standard curve. Standard curves were
generated by making artificial “soil”, which consisted of
sterile, non-nutritive builder’s sand mixed with known
concentrations of each chemical. The artificial soils were
then run through the test kit extraction procedures and
quantified using the colorimeter.
Physical and chemical parameters of the streams were
recorded 1 m downstream from transects at each site.
Chemical parameters included conductivity (µS), salinity
(ppt) and pH (measured with an IQ Scientific Instruments model IQ170, Carlsbad, CA), and nitrate (NO3-)
and orthophosphate (PO43-) were measured using a
LaMotte Smart2 colorimeter (LaMotte, Chestertown,
MD). Physical parameters measured included stream
width, depth and temperature. Biological parameters
included percent algal coverage (measured by employing
a 28-cm2 sampling grid and estimated percent cover) and
chlorophyll a (measured using a Turner Scientific
TD7200-000 fluorometer, Sunnyvale, CA). Ash-free dry
mass (AFDM) was determined following standard protocols [sensu 23].

2.5. Aquatic Macroinvertebrates and Terrestrial
Arthropods
Aquatic macroinvertebrates were collected in July, August and September of 2006, and then quarterly from
September 2006 through September 2008 1 m downstream from site transects. Invertebrates were collected
using a D-frame net (500 micron mesh) and round Hester-Dendy 14 plate sampler (total sampling area 0.13m2).
At each site on each date, 10 sweeps were performed and
one round Hester-Dendy sampler was deployed. Hester-Dendy samplers were removed after fourteen days.
All invertebrates were identified to species using a stereomicroscope. Terrestrial arthropod samples were collected at the same locations along plant transects from
which soil samples were taken. Samples were collected
monthly from July through September 2006, and then
Copyright © 2010 SciRes.

quarterly from September 2006 through September 2008
at each site. Arthropods were collected using a sweep net,
with six non-consecutive sweeps conducted at each site
on each date. Arthropods were also collected using 12.7
x 7.62 cm sticky traps placed at the height of the understory foliage. Sticky traps were placed at the same locations from which soil samples were taken and they were
collected after one week in the field. All samples collected in the field were brought back to the lab and identified to species using a stereomicroscope.

2.6. Algal Sampling
Algal samples were collected from February 2007-August
2008 (19 sampling trips in total). Algal samples were
collected downstream from transects at 1-m intervals
determined randomly using a ten-sided die. Algae were
collected by placing a three cm ring over the substrate
and removing the associated algae using a turkey-baster.
Samples were collected in triplicate, pooled to decrease
site heterogeneity and preserved in 2.5% buffered glutaraldehyde. These samples were sub-divided into two
aliquots destined for: 1) algal identification and 2) ash-free
dry mass (AFDM). Identification of all algae was performed using an Olympus BX40 light microscope at
400x magnification using a Palmer-Maloney counting
chamber (Wildco Wildlife Supply, Buffalo, NY). At
least three subsamples were prepared from each sample
and 400 cells enumerated. Identifications followed Geitler [24], Prescott [25], Komárek & Anagnostidis [26,27],
with taxonomy updated as necessary [28].

2.7. Data Analysis
For all analyses, subsamples within sites were averaged
prior to analysis, and sites were used as replicates. Soil
and water chemistry data were analyzed using repeated
measures ANOVA. Diversity of algae, plants, aquatic
invertebrates, and terrestrial arthropods was determined
using species richness, Simpson’s diversity index and the
Shannon index. Simpson’s index of diversity (Ds) was
calculated by Ds=1- Σ ni(ni-1)/N(N-1), where ni is the
number of individuals in each species and N is the total
number of individuals in the sample. Shannon’s diversity
index (H’) was calculated by H’ = - Σ [(pi)(ln pi)], where
pi is the proportional abundance of individuals in each
species. For plants, aquatic invertebrates, and terrestrial
arthropods, analyses were based on numbers of individuals. Plant species used to create the experimental gardens
were not included in diversity calculations. For algae,
diversity analyses were performed using both cell counts
and biovolumes. In the analysis, biovolumes could not be
normalized through any transformation, so only the reJWARP
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sults using cell counts are reported. Results from analyses using biovolumes did, however, produce the same
trends. Plant and invertebrate data were analyzed using
ANCOVA with initial (2006) values used as the covariate and final (2008) data as the dependent variable. Algal
diversity was analyzed using repeated measures ANOVA.
Finally, Pearson correlation matrices were generated for
aquatic (water chemistry, algal and invertebrate diversity)
and terrestrial (soil chemistry, plant and invertebrate diversity) data to further examine relationships among response variables. Bonferroni corrections were applied to
P values, but because of the number of variables included, almost all P values were non-significant after
correction. Therefore, uncorrected P values are reported
with an indication of which values remained significant
following Bonferroni correction. Normality and homoscedasticity were tested using the Shapiro-Wilk and
Bartlett’s tests, respectively, and data were transformed
when necessary for parametric analysis. All statistical
tests were performed using Systat 11.

3. Results and Discussions
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Table 1. Effects of treatment on soil chemistry and biodiversity. All values are mean ± sem; sample sizes are in parentheses. For each parameter, means followed by different
letters have a significant treatment effect at p = 0.05; parameters followed by an “†” indicates a p < 0.07; those followed by an “*” have a significant time x treatment interaction (see text and additional figures).
Garden sites Non-garden sites
(n = 5)
(n = 4)

Parameter
pH*

6.7 + 0.08a

5.9 + 0.04a

Nitrate nitrogen (kg/ha)

9.8 + 1.1a

11.4 + .2.2b

a

3.1 + 0.17a

Ammonium (ppm)

2.8 + 0.07

Phosphorous (kg/ha)*

81.9 + 14.9a
a

60.5 + 3.6a
27.2 + 5.1b

Plant species richness

41.2 + 2.8

Plant Simpson’s [Ds]

0.92 + 0.07a

0.89 + 0.06a

Plant Shannon’s [H’]

1.47 + 0.97

a

1.23 + 0.14b

Terrestrial invert species richness†

77.6 + 6.9a

57.0 + 10.8a

Terrestrial invert Simpson’s [Ds]

0.71 + 0.07a

0.64 + 0.09a

Terrestrial invert Shannon’s [H’]

1.45 + 0.11

a

0.99 + 0.14b

Aquatic invert species richness†

17.0 + 3.7a

15.2 + 3.4a

Aquatic invert Simpson’s [Ds]

0.53 + 0.07

a

0.51 + 0.01b

Aquatic invert Shannon’s [H’]

1.46 + 0.16a

1.43 + 0.17a

3.1. Effects on Soil and Water Chemistry
Sites with partially restored plant communities had a
significant (or marginally significant) effect on several
soil and water parameters (Tables 1,2). Garden sites significantly affected levels of soil nitrate and pH (F1,7 =
6.065, P = 0.043; F1,7 = 4.830, P = 0.064 respectively)
(Table 1). While some parameters such as water temperature, etc. exhibited a significant time effect (data not
shown), which largely correlated with seasonal variation,
several parameters also demonstrated significant time x
treatment interactions. For instance, although we found
no significant effect of treatment on soil phosphorous
concentrations (F1,7 = 0.509, P = 0.599), this result is
misleading because the garden sites, which had initial
phosphorous levels of approximately twice that of control sites, were approximately 15% lower than
non-garden sites by the end of the study (Figure 2).
Phosphorous concentrations did not change in control
sites over the course of the study, but they decreased
rapidly at garden sites, which produced a highly significant time (F6,42 = 12.187, P < 0.001) and time x treatment
interaction (F6,42 = 5.283, P = 0.003). Concentrations of
these nutrients in the water were also significantly lower
in tributaries with partially restored plant communities
which resulted in a significant treatment effect for nitrate
(F1,7 = 7.080, P = 0.032) and time x treatment interaction
for phosphorous (F13,91 = 2.481, P = 0.017) (Figures 2,3).

Copyright © 2010 SciRes.

Table 2. Effects of treatment on water quality, stream
characteristics and algal biodiversity. All values are mean
± sem; sample sizes are in parentheses. For each parameter, means followed by different letters have a significant
treatment effect at p = 0.05; parameters followed by an “*”
have a significant time x treatment interaction (see text and
additional figures).
Parameter

Garden sites Non-garden sites
(n = 5)
(n = 4)

pH

7.2 + 0.1a

Conductivity (μS)
Depth (cm)

28.8 + 7.0

7.3 + 0.1a
a

14.8 + 1.0

51.6 + 12.5a

a

22.8 + 1.5a

230.3 + 8.3a

Width (cm)
o

Temperature ( C)
Ash free dry mass (g)

20.8 + 1.2

a

284.2 + 11.5a
21.3 + 1.2a

0.02+ 0.003

a

0.02 + 0.004a

0.14 + 0.01

a

0.20 + 0.03b

0.31 + 0.04

a

0.26 + 0.04a

Salinity (ppt)

0.16 + 0.01

a

0.16 + 0.01a

TDS (ppm)

168.9 + 3.5a

166.5 + 6.3a

Nitrate nitrogen (ppm)
Phosphate (μg/L)*

Chlorophyll a (μ/L)
Macroalgae (%)
Algal species richness

6.9 + 1.3

a

12.7 + 3.1a

0.04 + 0.03
10.2 + 0.4

a

a

8.0 + 2.29b
10.2 + 0.5a

Algal Simpson’s [Ds] (cell counts)

0.61 + 0.03

a

0.49 + 0.03a

Algal Simpson’s [Ds] (biovolume)

0.66 + 0.03a

0.65 + 0.02a

Algal Shannon’s [H’]* (cell counts)

1.31 + 0.08

a

1.02 + 0.06a

Algal Shannon’s [H’] (biovolume) 1.42 + 0.07

a

1.40 + 0.06a
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Figure 3. Comparison of aquatic levels of nitrate and
phosphate between garden and non-garden (= control) sites;
(A) nitrate nitrogen (ppm) and (B) phosphate (μg/L). Values are mean ± sem.
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Figure 2.Comparison of soil parameters between garden
and non-garden (= control) riparian sites; (A) pH, (B) [NO3-]
(kg/ha), and (C) Phosphorous (kg/ha). Values are mean ±
sem.

3.2. Algal, Plant and Invertebrate Diversity
After two years, tributaries with partially restored riparian plant communities had significantly higher plant diversity compared to non-manipulated control sites. Plant
richness was 50% greater at restored sites compared to
control sites (even after excluding the five species used
to create the riparian gardens from the analysis; F1,6 =
8.135, P = 0.029). While plant Simpson index (Ds) was
Copyright © 2010 SciRes.

also higher for garden sites this difference was not significant (F1,6 = 0.725, P = 0.427); however, plant Shannon index (H’) was significantly higher for partially restored sites (F1,6 = 8.127, P = 0.029) (Table 1 and Figure
4). The difference in significance between the two indices is the result of how each is calculated; Ds is a dominance index (i.e. weighted toward the most abundant
members of the community), while H’ is much more
sensitive to rare species. Because plant communities at
both garden and control sites were primarily populated
by a few dominant species such as Acer rubrum (red
maple), Toxicodendron radicans (poison ivy), Woodwardia areolata (netted-chain fern), etc. (data not
shown), there was no significant effect on Ds. However,
H’ was significantly greater for partially restored sites
because they included several rare species that only became established after the experiment was initiated.
A total of 17,789 terrestrial arthropods from 76 families and 221 species were collected. Only 647 aquatic
JWARP
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pollution and eutrophication often decrease invertebrate
diversity by negatively affecting less tolerant taxa
[46-48].
Fifty-nine algal genera and 83 infra-generic taxa were
identified over the course of the experiment. Chlorophytes and cyanobacteria accounted for ca. 87% of the
total algal biodiversity. Cyanobacteria were the most
abundant algae in terms of cell numbers, followed
closely by bacillariophytes and chlorophytes. Eugleno-
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invertebrates were collected, representing 37 families
and 89 species. For both groups, however, species loading curves (not shown) indicated that sampling effort
was adequate for detecting the true diversity of each site.
Both terrestrial and aquatic macroinvertebrate communities were affected by establishment of experimental gardens. For terrestrial arthropods, mean species richness
increased by 36% (from 57.0 to 77.6) at sites with experimental gardens, and this difference tended toward
significance (F1,6 = 5.460, P = 0.058). Garden sites exhibited increased representation of rare species as evidenced by a significant (F1,6 = 10.389, P = 0.018) increase in Shannon index values (Table 1, Figure 4). Although Simpson’s Diversity index (Ds) values were
slightly higher for garden sites than non-garden sites
(0.92 vs. 0.89, Table 1 and Figure 4), this difference,
similar to the result for plant Ds, was not significant (F1,6
= .667, P = 0.445).
Aquatic invertebrate diversity was also significantly
higher at garden sites, but the effect on the aquatic community was more evident in dominant species than rare
ones. For aquatic invertebrates, neither species richness
nor the Shannon index differed significantly between
garden and non-garden sites (Table 1, Figure 4). Simpson’s Diversity index values, however, were significantly
higher for experimental garden sites (F1,6 = 6.440, P =
0.044; Table 1 and Figure 4) than non-garden sites. This
difference was primarily attributable to lower dominance
of tubificid oligochaetes and gammarid amphipods at
experimental garden sites.
Urbanization and anthropogenic activities have greatly
increased the levels of nutrients in river systems, especially nitrogen and phosphorus [29,30,31], which can in
turn decrease arthropod diversity and abundance [32,33].
Many studies have shown that riparian zones act as buffers, moderating anthropogenic impacts on a range of
abiotic and biotic stream characteristics [1,34-36], including invertebrate diversity and abundance [37-39].
Because of this, aquatic macroinvertebrate communities
are commonly used as indicators of a river system’s
health, including the riparian zones [40-44]. In the present study, moderate restoration of riparian zones resulted in a significant increase in the diversity of aquatic
macroinvertebrates as measured by Simpson’s diversity
index, demonstrating that enhancing the riparian zone
can quickly result in improvements in ecosystem health.
Simpson’s diversity index is weighted more heavily towards common or dominant species [45], and the higher
Simpson’s index values for the experimental garden sites
resulted primarily from a decreased dominance of pollution-tolerant taxa such as oligochaetes and increased
representation of pollution-intolerant taxa such as
Ephemeroptera. This result supports the suggestion that
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Parameter

Figure 4. Measures of biodiversity (species richness, Ds and
H’) between garden and non-garden (= control) riparian
sites; (A) plants, (B) terrestrial invertebrates, and (C)
aquatic invertebrates. Values are mean ± sem.

JWARP

A. M. ROSSI ET AL.

Copyright © 2010 SciRes.

Non-garden sites
Garden sites

(A)

1

Au
g

Ju
l

Ju
n

M
ay

Ap
r

M
ar

Fe
b

Ja
n

0

Sampling date (2008)
50

(B)

40

30

20

10

'0
8
Ju
n

Ap
r'
08

'0
8
Fe
b

D
ec

'0
7

'0
7
O
ct

'0
7
Au
g

'0
7
Ju
n

Ap
r'
07

0
'0
7

We found that even modestly restored riparian plant
communities resulted in substantial increases in both
terrestrial and aquatic biodiversity while decreasing nutrient loading for small tributaries of the lower St. Johns
River. Increased plant biodiversity and the presence of
rare species may have resulted from facilitation; this effect may have been enhanced because we purposely utilized plants that varied greatly in size, structure and habitat requirements. For instance, pickerelweed, which is an
aquatic emergent species, likely aids in stabilization of
the edges of the streambed and increases substrate accumulation around its stems while providing refugia for
aquatic invertebrates and juvenile fish. Complementarily,
shrub and tree species such as Virginia willow and river
birch respectively, which are structurally much more
complex and located at higher elevation along the stream
banks, likely create microhabitats that have higher degrees of shading, lower temperatures and higher soil
moisture. The increase in structural complexity of partially restored riparian communities, results in increased
spatial heterogeneity and creates more niches within the
overall landscape. Although within-trophic level community composition is a composite of positive (facilitation) and negative (competition) interactions; facilitation
has been hypothesized to be more important in stressed
or highly disturbed conditions [49,50]. Indeed, studies of
plant communities have found that colonization of new
sites, especially in stress habitats with high levels of light
and elevated temperatures, is restricted to shady microhabitats created by the canopy shade of “nurse plants”

2

Algal Shannon diversity (H')

3.3. Effects of Riparian Restoration on
Ecosystem Function and Plant Recruitment

[51] or, in the case of stream habitat, emergent species
provide stabilization of lotic substrate which reduces
mortality for other plants [52]. Our study supports the
general contention by Bertness & Callaway [49] that
plant communities in open, sunny, highly disturbed sites
(= early successional) are more likely to be influenced by
facilitation rather than shaded later successional stages.
However, aquatic emergents and shoreline specialists
such as pickerelweed and golden Canna respectively are
also unlikely to compete strongly with plants at higher
elevations along the stream banks (or at most this relationship is likely to be highly asymmetrical. That is,
plants at higher elevations may absorb nutrients before
they reach emergents and shoreline species, while the
latter species are likely to absorb a significant fraction of
their nutritional requirements directly from the water).

Macroalgae (%)

phytes, dinoflagellates and cryptophytes were all only
rarely (counted in less than 10% of samples) encountered.
Total biovolume, a more robust measure of the algal
community, was typically dominated by chlorophytes,
with cyanobacteria accounting for greater than 50% of
the total biovolume in three sites (data not shown). Although garden sites exhibited greater biodiversity at the
start and conclusion of the sampling period, these differences were not statistically significant for either diversity
index (Ds: F1,7 = 2.220, P = 0.180; H’: F1,7 = 1.698, P =
0.234) during the most active portion of the growing
season, which resulted in a significant time x treatment
interaction (F7,49 = 2.531, P = 0.026) (Table 2, Figure 5).
Further, neither algal cell counts nor biovolume estimates were significantly different between the garden
and non-garden sites during the experiment (data not
shown). Garden sites did exhibit significantly greater
(F1,6 = 6.354, P = 0.045) percent macroalgal cover
throughout the 16 months of monitoring (Figure 5).

Fe
b
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Sampling date

Figure 5. Measures of aquatic algal biodiversity between
garden and non-garden (= control) sites; (A) Shannon diversity (H’) for cell counts, (B) macroalgae (%). Values are
mean ± sem.
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3.4. Assessment Strategies for Riparian
Restoration
Because of the importance of the riparian zone to the
stream and entire watershed [15,18], assessments of anthropogenic effects on lotic freshwater systems should
include the banks as well. This is especially true if restoration of native vegetation is to be used to ameliorate
damaged or disturbed stream ecosystems because the
success of this technique depends upon long-term sustainable uptake of nutrients or pollutants while maintaining terrestrial biodiversity and ecosystem function. It
has been shown that soil nutrient levels can have strong
effects on plant and arthropod community composition
[30,53-55], but these effects can be positive or negative.
Therefore, terrestrial plant and arthropod community
assessments should be conducted in order to determine
whether or not native riparian buffer zones would be a
viable method for reducing nutrient loading in a stream.
In the present study, experimental gardens absorbed
more nutrients (nitrogen and phosphorus) than did
non-manipulated riparian zones, resulting in an increase
in plant and arthropod diversity (species richness and
Shannon index values). The increase in arthropod richness resulted primarily from an increase in phytophagous
Coleoptera (especially Chrysomelidae and Curculionidae)
and Lepidoptera (especially Noctuidae and Papilionidae).
This was likely attributable to the concomitant increase
in plant species diversity which has been shown in previous studies to affect the diversity of phytophagous insects [53,56,57] and is supported by the strong positive
correlation between plant and arthropod diversity measures reported in this study. Interestingly, however, there
were also more species of insects with aquatic larval
stages, primarily Odonata and Ephemeroptera, at sites
with experimental gardens, suggesting increased recruitment of adults for mating and oviposition. It has
been suggested that terrestrial arthropods are good indicators of a river system’s health [43,58-60]. Therefore,
the increase in terrestrial arthropod diversity observed in
this study indicates that restoration of native riparian
zones not only improves stream ecosystem health, but
also improves riparian ecosystem health and may be a
viable and sustainable restoration option.
Algae are considered excellent indicators of the health
of aquatic ecosystems [61-64] and algal biodiversity,
especially that of diatoms, has been correlated with nutrient levels, the presence of contaminants and temporal
variability [65,66]. In our study, Shannon algal biodiversity within the garden sites was significantly (p < 0.05)
greater at the start and end of the monitoring period, but
not significantly different during the most active growing
season (April through July). While some researchers
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have also noted that nutrient additions do not necessarily
elicit a significant change in algal biodiversity [9], others
have reported that confounding factors (such as light
limitation, seasonal effects, flow heterogeneity) may
mask significant effects of nutrient additions [67,68]. In
the St. Johns River, changes in lotic algal diversity have
been correlated with varying nutrient levels and seasonality over a two-year period [69,70]. Our study, which
examined similar factors in smaller tributary streams
showed similar trends, but utilized much shallower
tributaries and, therefore, was subject to different ecological parameters than previous studies. The percent
coverage of macroalgae was also more variable both
spatially and temporally in garden sites, while
non-garden sites exhibited significantly less visible cover
and variability. The majority of the taxa composing
macroalgal mats were filamentous greens (e.g., Cladophora, Stigeoclonium and Oedogonium spp.), which is
common in low-order, oligo-mesotrophic streams [71].
Macroalgal mats support a diverse epiphytic algal and
invertebrate community [72,73], which may account for
the aquatic insect community we observed.

4. Conclusions
In conclusion, we found that local levels of several key
nutrients associated with eutrophication could be significantly reduced over a relatively short time scale (<
two years) using relatively small partially restored riparian plant communities along first order tributaries. The
experimental design, which incorporated plants native to
the area, but which varied substantially in size, structure
and habitat preference, also produced other positive
benefits including a general increase in plant and invertebrate biodiversity. These results indicate that even
modest riparian plant restoration can benefit ecosystem
function and this goal may be facilitated by selecting
species that maximize structural complexity while minimizing competitive interactions. Our study suggests that
an alternating patchwork of partially restored patches
among highly disturbed zones in urban areas (which are
used by various agencies for tributary access and maintenance) may provide cascading effects; open highly
disturbed sites are most likely to benefit from restoration.
Future studies will compare the effectiveness of restoring
multiple patches along tributaries in an effort to determine whether the trends detected in the current study at
the landscape level apply over larger regional scales.
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